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Scientific Origins of Incompatibility in
Risk Assessment

Paul D. Anderson’

Abstract. A comparison of the carcinogenic potency estimates for many
chemicals reveals that different governmental agencies derive and use
alternative estimates of a chemical’s carcinogenic potency. This paper
examines which steps in the process of deriving carcinogenic potency
estimates (e.g., high to low dose extrapolation, bioassay choice, data set
treatment, etc.) contribute to the differences within and between govern-
mental agencies by comparing the details of the process of potency esti-
mation for four chemicals (ethylene dibromide, polychlorinated biphenyls,
tetrachloroethylene and tetrachlorodibenzo-p-dioxin). For three of these
four chemicals all agencies used similar high to low dose extrapolation
models and most of the incompatibility arose from selection and treatment
of bioassay results. The comparison suggests that an inverse relationship
exists between the potential contribution of a parameter to incompatibility
and its actual contribution; the existing incompatibility between agencies
represented by existing differences in potency estimates is dwarfed by
potential incompatibility; and, some but not all, of the incompatibility can
be reduced.

Key words and phrases: Risk assessment, carcinogen potency estimates,
bioassay, incompatibility of risk assessment, environmental health policy,

environmental risk.

INTRODUCTION

Risk assessment is now an integral part of the
formulation of public policy. For environmental con-
taminants suspected of having nonthreshold effects,
excess lifetime cancer risk is the human health end
point of concern and that which usually drives con-
centration guidelines. Assessment of excess cancer
risk involves multiple extrapolations having their
foundation in the biologic sciences and statistics. Be-
cause of this foundation, cancer risk assessment is
often also referred to as quantitative risk assessment,
the implication being that the estimated cancer risk
numbers are accurate and precise. Yet for a given
chemical one can find several different estimates of
excess cancer risk due to identical exposures to that
chemical. This paper examines where some of these
differences arise.

Simply explained, cancer risk estimates are arrived
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at by combining exposure to a given compound with
the carcinogenic potency of that compound, where
carcinogenic potency is a measure of how effective a
compound is at causing cancer. Differences in cancer
risk estimates could arise from either alternative ex-
posure estimates, alternative potency estimates or
both. Uncertainty in exposure estimates is often
thought to be the major contributor to differences
among cancer risk estimates. Derivation of potency

_estimates can also contribute to differences between
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estimates of cancer risk, however, and in some cases,
if not many, contribute even more than uncertainty
in exposure estimates.

This paper examines how much the process of po-
tency estimation can contribute to the uncertainty
about a cancer risk assessment, where some of the
incompatibility originates and assesses the contribu-
tion of different steps of the process to the uncertainty.
This is done by comparing the derivation of alterna-
tive potency estimates for four compounds (2,3,7,8-
tetrachlorodibenzo-p-dioxin, polychlorinated biphen-
yls, tetrachlorethylene and ethylene dibromide). The
paper concludes by drawing some generalizations
about incompatibility between potency estimates.
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APPROACH

Using both International Agency for Research on
Cancer (IARC) and United States Environmental
Protection Agency (USEPA) evaluations of chemical
carcinogens, a list of suspect human carcinogens was
identified. From this list, chemicals were chosen for
which numerous potency estimates existed, with
which the author had some familiarity and for which
the potency estimate derivation process was available
and reasonably clear. The final list included ethylene
dibromide (EDB), polychlorinated biphenyls (PCB),
tetrachloroethylene (PCE) and 2,3,7,8-tetrachlorodi-
benzo-p-dioxin (T'CDD or dioxin). The list excluded
known human carcinogens.

For each of these four chemicals, as many previously
published potency estimates by United States state
and federal agencies as possible were located and
reviewed. Canadian and European potency estimates
were excluded from the comparison because of prac-
tical constraints; however, such a comparison would
likely identify additional sources of incompatibility.
Nor were all potency estimates derived by state and
federal agencies included. Some were excluded because
they used the USEPA Carcinogen Assessment Group’s
potency estimates, already included in the compari-
son, as the basis for cancer risk estimation. In some
cases documents deriving potency estimates could not
be located. In other cases potency estimates may be
excluded because the search failed to identify them.

Once located, existing potency estimates for each
chemical were reviewed and compared. New potency
estimates were not calculated by combining the pro-
cedures and parameter choices of different agencies.
This could have been done to derive extreme potency
estimates that magnify the uncertainty and incompat-
ibility but the intent of the paper is to report on the
uncertainty and incompatibility that exists within the
risk assessment process as it is practiced by state and
federal agencies today.

A unit risk value was calculated for each potency
estimate for a given chemical by multiplying all the
potency estimates for that chemical by a constant
dose of the chemical. The dose was chosen for ease of
presentation of results. Because the dose of any given
chemical is constant, the differences among unit risk
values is representative of the differences among po-
tency estimates. For each chemical the unit risk as-
sociated with each reviewed potency estimate was
plotted. In the paper the terms unit risk and potency
estimate are used interchangeably.

In the paper a distinction is made between a “bioas-
say” and a “data set.” “Bioassay” is defined as the
unanalyzed results of an animal cancer study. “Data
set” is defined as the particular data used to generate
a potency estimate. A data set represents how the

results of one or more bioassays were selected,
analyzed and treated, i.e., tumor site selection, inter-
species dose conversion, incorporation of pharmaco-
kinetic data, etc. Clearly, many data sets can be
developed from a single bioassay. The steps at which
incompatibility exists in development of a data set
from one or more bioassays are discussed in the text.

The reader should note that if the dose-response
curves predicted by a high to low dose extrapolation
model are nonlinear, as in some cases they are, the
differences in unit risk estimates reported in the paper
will not be constant over all doses. As dose changes
the difference between potency estimates will also
change, generally increasing with decreasing dose.
Further, differences due to incompatibility in a given
step, i.e., bioassay choice, are not independent of
choices made in other steps. For example, the magni-
tude of the difference between two potency estimates
caused by use of alternative data sets when the linear-
ized multistage model is applied, may change when
the Weibull or logprobit model is applied to those data
sets.

RESULTS AND DISCUSSION

2,3,7,8-Tetrachlorodibenzo-p-dioxin

Eleven potency estimates for TCDD were compared.
Eight of the potency estimates were derived by the
USEPA (USEPA, 1985a), two were derived by the
Centers for Disease Control (CDC) (Kimbrough, Falk
and Stehr, 1984) and one was derived by the Food and
Drug Administration (FDA) (Miller, 1983). TCDD
potency estimates were converted to unit risk values
by multiplying the potency estimates by a dose of 10
fg of TCDD/kg body weight/day (1 fg =1 x 107 g).

Unit risk values vary from 1.3 X 1073 to 7.7 X 1078,
aratio of 1.7 X 10™* (Figure 1a). However, the potency
estimates used by agencies for standard setting are all
within an order of magnitude of one and another
(represented by unit risk values with filled circles in

- Figure 1a). Derivation of the other TCDD potency

estimates has been published in agency documents but
these potency estimates are not used when setting
environmental concentration limits.

A plot of unit risks using an identical data set
but applying different high to low dose extrapola-
tion models reveals that model choice accounts for
more than 10'*-fold of this ratio (compare Figure 1,
a and b), but that model choice accounts for none of
the incompatibility between potency estimates used
by agencies for standard setting (Figure 1b). All agen-
cies used the linearized multistage or one-hit models
for standard setting (USEPA, 1985a; Kimbrough, Falk
and Stehr, 1984; Miller, 1983). For the particular dose
and bioassay used to generate the unit risks for dioxin,
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F1G. 1, a-d. Unit risks for TCDD, calculated by multiplying TCDD potency estimates by a lifetime dose of 10 fg of TCDD/kg body weight/day,
are plotted. The axes are log scale (to the base of 10) and the units are excess individual lifetime cancer risk. Unit risks derived from potency
estimates used by agencies for standard setting are marked with filled black circles. In a, all 11 unit risk values are plotted. In b, unit risks
calculated using the same data set but different models (Weibull, multistage, log probit) are plotted. Unit risks plotted above the axis were derived
using one data set (USEPA, 1985a, Kociba analysis) and those plotted below the axis were derived using a different data set (USEPA, 1985a,
Squire analysis). In c, unit risks derived using the same high to low dose extrapolation model but different bioassays are plotted. Unit risks
derived using the multistage model and log probit models are plotted above and below the axis, respectively. Unit risks plotted in d were derived
using an identical model (multistage) and bioassay (Kociba, Keyes, Beyer, Carron, Wade, Dittenber, Kalnins, Frauson, Park, Barnard, Hummel
and Humiston, 1978), thus differences between potency estimates are due entirely to treatment of bioassay results.

the Weibull model predicted the highest potency es-
timates, the log probit model the lowest and the mul-
tistage model predicted intermediate potency
estimates (USEPA, 1985a).

Choice of bioassay contributes to incompatibility
of dioxin potency estimates between agencies
(Figure 1c). All agencies used results from the Kociba,
Keyes, Beyer, Carron, Wade, Dittenber, Kalnins,
Frauson, Park, Barnard, Hummel and Humiston
(1978) rat bioassay. The CDC also used results from
a National Cancer Institute/National Toxicology Pro-
gram (N'TP, 1982) mouse bioassay to estimate a lower
limit on the range of excess lifetime cancer risk due

to dioxin exposure. Because the CDC used the upper,
and not the lower, limit to recommend allowable
TCDD soil levels, all agencies used the same model
and same bioassay to derive TCDD potency estimates
for standard setting.

The difference of nearly an order of magnitude
between the highest and lowest potency estimates
when the same high to low dose extrapolation model
and the same bioassay was used, arises from how
agencies selected and treated bioassay results (Figure
1d). The largest difference, more than 5-fold, is due to
incompatibility in conversion of dose between animals
and man; some agencies converted on the basis of
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surface area and others on the basis of body weight.
Smaller differences arise from choice of tumor site, up
to 3-fold; whether tumor incidence was regressed
against administered dose or dose measured in the
liver, up to 3-fold; and finally, which of two patholo-
gists interpreted the incidence of tumors in tissue
cross-sections, less than 2-fold.

Polychlorinated Biphenyl

The derivation of five PCB potency estimates were
compared. Four were derived by the FDA (Cordle,
Locke and Springer, 1982) and the other one was
derived by the USEPA (1980). Unit risks for
PCB were calculated by multiplying the USEPA
potency estimate by a dose of 1 X 10™* mg of PCB/kg
of body weight/day and the FDA potency estimates
by 0.0047 ppm of PCB in the diet because the FDA
potency estimates are for ppm of PCB in diet. The
two exposures are equivalent assuming a 70-kg adult
consumes 1500 g of food/day (0.0047 mg of PCB/kg
of food X 1.5 kg of food/person/day X 1 person/70 kg
=1 X 107" mg of PCB/kg of body weight/day).

A plot of unit risks for the five PCB potency esti-
mates reveals a ratio of 44-fold between the highest
(4.34 X 107*) and lowest (9.8 X 107) (Figure 2a). Both
agencies used models that produced identical results
at low doses; the USEPA used the linearized multi-
stage model and the FDA used the one-hit model

(USEPA, Locke and Springer, 1980; Cordle, 1982).
Thus selection of high to low dose extrapolation model
does not contribute to the 44-fold ratio between po-
tency estimates, however, model choice could increase
the range among PCB potency estimates had the
agencies published potency estimates using alterna-
tive extrapolation models. To date, the agencies have
not done this and model choice does not contribute to
interagency incompatibility.

The agencies used either the results of the Kim-
brough, Squire, Linder, Strandbert, Mondali and
Bubse (1975) or the National Cancer Institute (NCI)
(1978a) bioassays to derive potency estimates. Unit
risks derived using each bioassay are plotted sepa-
rately in Figure 2b (those using Kimbrough, Squire,
Linder, Strandbert, Mondali and Bubse (1975) are
above the axis and those using NCI (1978a) are below
the axis). Comparison of the lower end of the ranges
shows that the potency estimates derived using the
NCI (1978a) bioassay are slightly smaller than those
based on the Kimbrough, Squire, Linder, Strandbert,
Mondali and Bubse (1975) bioassay, but that those
based on the Kimbrough, Squire, Linder, Strandbert,
Mondali and Bubse bioassay virtually encompass the
entire range of potency estimates derived using the
NCI bioassay. Thus choice of bioassay can influence
the potency estimate for PCB but as with TCDD,
selection and treatment of bioassay results has the
most important effect.
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Fic. 2, a and b. Unit risks for PCB, calculated by multiplying PCB potency estimates by a lifetime dose equal to 0.1 ug of PCB/kg
body weight/day, are plotted. The axes are log scale (to the base 10) and the units are excess individual lifetime cancer risk. All 5 unit risk
values are plotted in a. Unit risks derived using identical models (multistage or one-hit) but different data sets are plotted in b. Unit risks above
and below the axis were derived using results from Kimbrough, Squire, Linder, Strandbert, Mondali and Bubse (1975) and from NCI (1978a),
respectively. Differences between the unit risk estimates are due entirely to selection and treatment of bioassay results.
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PCB potency estimates using the Kimbrough,
Squire, Linder, Strandbert, Mondali and Bubse (1975)
bioassay and the linearized multistage or one-hit
model varied by 41-fold and those using the NCI
(1978a) bioassay and the one-hit model varied by up
to 4-fold. Incompatibility between potency estimates
using the Kimbrough, Squire, Linder, Strandbert,
Mondali and Bubse (1975) study is due to (1) regres-
sion of dose against alternative lesion sites, up to a
15-fold difference, (2) estimation of carcinogenic re-
sponse based on a mg/kg dose or a ppm in diet dose,
between a 3- to 4-fold difference; (3) adjustment, or
lack of, for less than lifetime exposure of test animals
to PCB, less than a 2-fold difference; (4) conversion
of dose from animals to man on a surface area or
weight basis, between a 5- and 6-fold difference; and
(5) use of either a 95% or a 99% upper confidence
limit of the potency estimate, about a 1.2-fold differ-
ence. Nearly all the incompatibility between potency
estimates derived using the NCI bioassay (the unit
risks plotted below the axis in Figure 2b) is due to
choice of lesion sites.

Tetrachloroethylene

Eight potency estimates for PCE were compared.
Two of these were derived by the USEPA (1985b)
and six were derived by the Northeast States for
Coordinated Air Use Management (NESCAUM)
(NESCAUM, 1986). Unit risks were developed from
PCE potency estimates by multiplying the potency
estimate by an administered dose of 1 ug of PCE/kg
of body weight/day.

Potency estimates for PCE vary by 43-fold
(Figure 3a). The highest unit risk is 7.14 X 10~° and
the lowest is 1.68 X 1075, As with PCB, model choice
does not contribute to the range between potency
estimates because only the linearized multistage model
was used to extrapolate from high to low doses.

Two bioassays were used. USEPA employed an NCI
(1977) bioassay and NESCAUM used an NTP (1986)
bioassay. When results from the two bioassays were
treated similarly, the potency estimates derived using
the NTP bioassay encompass those derived using the
NCI bioassay. Thus bioassay choice makes a negligible
contribution to incompatibility between PCE potency
estimates.

Most of the incompatibility between PCE potency
estimates is due to three steps in selection and treat-
ment of bioassay results: lack of agreement about what
values constitute standard temperature and pressure
(STP), choice of lesion site and sex of test animal and
the amount of administered PCE that is metabolized
by different species when administered via different
routes of exposure. Lack of agreement on STP has a
negligible effect (less than 1.5-fold) on the range of
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F16. 3,aand b. Unit risks for PCE, calculated by multiplying PCE
potency estimates by an administered lifetime dose of 1.0 ug of
PCE/kg body weight/day, are plotted. The axes are log scale (to the
base 10) and the units are excess individual lifetime cancer risk. All
eight unit risks are plotted in a. Unit risks derived using an identical
model (multistage) but different data sets are plotted in b. Unit risks
above and below the axis were derived using results from NTP (1986)
and NCI (1977), respectively. Differences between unit risks are due
entirely to selection and treatment of bioassay results.

potency estimates and led to only slight differences in
the estimated amount of PCE inhaled by test animals.
Choice of lesion site and sex of test animals accounts
for a 2-fold difference between potency estimates de-
rived using the NTP bioassay (Figure 3b, above axis).
Different assumptions about metabolism account for
the entire 30-fold difference between potency esti-
mates derived using results of the NCI bioassay (Fig-
ure 3b, below axis). USEPA assumes 100% of the
administered PCE via water is metabolized. When
inhaled in air, however, USEPA assumes significantly
less administered PCE is metabolized by humans.
Thus the unit risk for PCE in air (1.68 X 107°)
is much lower than the unit risk for PCE in water

- (6.1 X 107%).

Ethylene Dibromide

Eleven potency estimates for EDB were reviewed
and compared. Two of the potency estimates were
derived by USEPA (1983), eight were derived for the
Occupational Safety and Health Administration
(OSHA) (Brown, 1983) and one was derived by the
National Academy of Sciences (NAS) (NAS, 1980).
Unit risk values were calculated for EDB by multiply-
ing the potency estimates by an administered dose of
1 ug of EDB/kg of body weight/day.

EDB is unique among the chemicals reviewed here
in three aspects. First, a number of high to low dose
extrapolation models were employed in deriving
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potency estimates used to establish concentration lim-
its. The increased complexity of some of the models,
e.g., more parameters within the model that vary,
made comparison of model effects difficult. Second,
. numerous bioassays have been conducted (NCI,
1978a, b; Wong, Winston, Hong and Plotnick, 1982;
Olson, Habermann, Weisburg, Ward and Weisburg,
1973) and were used singly and together to derive
potency estimates. Thus many combinations of bioas-
says and models were used in deriving potency esti-
mates for EDB. Detailed comparison and quanti-
fication of the incompatibility at each step of the
potency estimate derivation process was not possible
for EDB because this required that for every param-
eter of interest there be at least two potency estimates
in which all other parameters are held constant.
Third, EDB also differs from the other chemicals
reviewed here in that its use, as a pesticide, has been
largely suspended and therefore human exposure is
expected to decrease. This along with unique labora-
tory results led to the use, by some agencies, of models
of carcinogenesis dependent upon both magnitude and
duration of exposure. The unit risks, based on lifetime

FIGURE 4a

exposure, calculated here for comparison of potency
estimates were quite high in some instances and would
have been substantially lower had a shorter duration
of exposure been assumed.

A ratio of 4 X 10°-fold exists between the highest
(41 X 107?) and lowest (1.0 X 107") unit risks
(Figure 4a). Model selection accounts for a substantial
proportion of the total incompatibility between po-
tency estimates. The four unit risks plotted in Figure
4b vary more than 2000-fold and are derived using the
same bioassay (NCI, 1978a, b), lesion site and species
and sex of experimental animal, but different high to
low dose extrapolation models. The two highest po-
tency estimates were derived using the Weibull model
and the two lowest were derived using the multistage
model. Because data treatment also varied among the
four potency estimates, i.e., animal to man dose con-
version, statistical confidence limit of the potency
estimate, adjustment for metabolism and dose against
which tumor incidence was regressed, all the incom-
patibility cannot be ascribed to only differences in
model choice.

Alternative methods of selection and treatment of
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FIG. 4, a~c. Unit risks for EDB, calculated by multiplying EDB potency estimates by a lifetime dose of 1.0 pg of EDB/kg body weight/day, are
plotted. The axes are log scale (to the base 10) and the units are excess individual lifetime cancer risk. All eleven unit risk values are plotted in
a. Unit risks derived using the same bioassay but different high to low dose extrapolation models and also different data sets are plotted in b.
Unit risks derived using an identical model (multistage) and bioassay are plotted in c. Unit risks derived using results from NCI (1981) and
Wong, Winston, Hong and Plotnick (1982) are plotted above and below the axis, respectively.
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bioassay results also contribute to incompatibility be-
tween EDB potency estimates. Using the multistage
model and either the NCI (1981) bioassay (Figure 4c,
above axis) or the Wong, Winston, Hong and Plotnick
(1982) bioassay (Figure 4c, below axis) differences
of up to 500-fold’ exist between the potency esti-
mates and are due entirely to tumor site selection
(Figure 4c).

CONCLUSIONS

1. An inverse relationship exists between a partic-
ular step’s potential contribution to incompatibility
between potency estimates and its actual contribution.
Model choice could contribute most to the incompat-
ibility between potency estimates used for standard
setting, but with the exception of EDB, does not.
Bioassay selection could make the next largest contri-
bution to incompatibility between potency estimates,
albeit much less than model choice, and does contrib-
ute to a portion of the range in some instances, but
not to its full potential. Finally, the steps involved in
selection and treatment of bioassay results have the
smallest potential contribution to overall incompati-
bility, when compared for instance to the potential of
model choice, but end up contributing the most and
are the source of most of the incompatibility between
potency estimates and agencies.

2. No agency consistently selected parameters at
each step of the potency estimate derivation process
that biased its potency estimate up or down. Thus
existing incompatibility does not lead to as divergent
potency estimates as it potentially might.

3. Incompatibility between potency estimates is re-
ducible. At certain steps of the process agreement
about what parameter to use should be attainable
because evidence is either equivocal (as in conversion
of dose from animal to man) or standards already exist
(for example values for pressure and temperature at
STP) or standards could exist, i.e., whether to use an
upper 90%, 95% or 99% bound of the potency estimate.

4. All incompatibility cannot be eliminated. Deci-
sions by scientists are influenced by values and past
experiences. All of these cannot be eliminated or
agréed upon. The best example of this is provided by
TCDD where two pathologists examined the same
tissue cross-sections and one pathologist counted 78%
more tumors in control animals than the other pa-
thologist (USEPA, 1985a). Some of this type of incom-
patibility is reducible but will never be entirely
eliminated. .

5. The incompatibility represented by the range in
potency estimates used by agencies for regulation is
small compared to the potential incompatibility and
uncertainty that could result from, for example, use
of different models of carcinogenesis. For most chem-
icals the potential uncertainties in estimation of

carcinogenic potency are probably greater than uncer-
tainities in exposure. Certainly an individual’s poten-
tial exposure to dioxin does not vary by 2 X 10'*. The
potency estimates for dioxin do and could vary by
even more at low doses if the mechanism by which
dioxin causes cancer has a threshold. A better method
to quantify and express the uncertainty about potency
estimates is also needed, not only to determine how
great or small an excess cancer risk low levels
of contaminants in the environment potentially
pose to humans but also to assist regulators in setting
priorities.
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